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H I G H L I G H T S  G R A P H I C A L  A B S T R A C T  

• Environmental and health impacts of 
landfill soils in the city centre were 
assessed. 

• Metal (loid) concentrations were un
evenly distributed spatially and 
vertically. 

• Metal (loid) bioaccessibility and frac
tionation differed and correlated 
mutually. 

• Reservoirs of bioaccessible metal (loid)s 
were calcite and Fe (hydr)oxides. 

• Old landfill represents non-carcinogenic 
health risk to children.  

A R T I C L E  I N F O   
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A B S T R A C T   

Landfills, especially those poorly managed, can negatively affect the environment and human beings through 
chemical contamination of soils and waters. This study investigates the soils of a historical municipal solid waste 
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(MSW) landfill situated in the heart of a residential zone in the capital of Slovakia, Bratislava, with an emphasis 
on metal (loid) contamination and its consequences. Regardless of the depth, many of the soils exhibited high 
metal (loid) concentrations, mainly Cd, Cu, Pb, Sb, Sn and Zn (up to 24, 2620, 2420, 134, 811 and 6220 mg/kg, 
respectively), classifying them as extremely contaminated based on the geo-accumulation index (Igeo >5). The 
stable lead isotopic ratios of the landfill topsoil varied widely (1.1679–1.2074 for 206Pb/207Pb and 
2.0573–2.1111 for 208Pb/206Pb) and indicated that Pb contained a natural component and an anthropogenic 
component, likely municipal solid waste incineration (MSWI) ash and construction waste. Oral bioaccessibility of 
metal (loid)s in the topsoil was variable with Cd (73.2–106%) and Fe (0.98–2.10%) being the most and least 
bioaccessible, respectively. The variation of metal (loid) bioaccessibility among the soils could be explained by 
differences in their geochemical fractionation as shown by positive correlations of bioaccessibility values with 
the first two fractions of BCR (Community Bureau of Reference) sequential extraction for As, Cd, Mn, Ni, Pb, Sn 
and Zn. The results of geochemical fractionation coupled with the mineralogical characterisation of topsoil 
showed that the reservoir of bioaccessible metal (loid)s was calcite and Fe (hydr)oxides. Based on aqua regia 
metal (loid) concentrations, a non-carcinogenic risk was demonstrated for children (HI = 1.59) but no risk taking 
into account their bioaccessible concentrations (HI = 0.65). This study emphasises the need for detailed research 
of the geochemistry of wastes deposited in urban soils to assess the potentially hazardous sources and determine 
the actual bioaccessibility and human health risks of the accumulated metal (loid)s.   

1. Introduction 

Chemical contamination of soils is one of the serious consequences of 
today’s consumer and industrial society and affects all continents 
(Antoniadis et al., 2019; Binner et al., 2023). The most studied group of 
chemical contaminants are compounds of trace elements, especially 
metal (loid)s, such as As, Cd, Cr, Cu, Hg, Ni, Pb, Sb, Zn and others 
(Kumar et al., 2023; Silva-Gigante et al., 2023; Varol et al., 2020). The 
reasons for this interest are in their common occurrence in the earth’s 
crust, wide-spectrum industrial applications, numerous natural and 
anthropogenic sources, persistence and toxicity to living organisms 
(Bolan et al., 2022; Elnabi et al., 2023). There are numerous anthro
pogenic sources of metal (loid)s in the urbanised environment, e.g., road 
transport, industries, building/construction materials, and waste 

landfills (Adewumi and Ogundele, 2024; Alloway, 2013; Binner et al., 
2023; Pecina et al., 2021; Zwolak et al., 2019). Recent studies show that 
the chemistry of soils is often altered in the vicinity of landfills due to 
leaching of chemical elements from the deposited waste (de Souza et al., 
2023; Gujre et al., 2021; Somani et al., 2020; Wang et al., 2022; Wu 
et al., 2022). Although the impact of landfills on soil contamination is 
localised, they can pose health risks to residents living near them (Du 
and Li, 2023; Karimian et al., 2021; Obiri-Nyarko et al., 2021). 

When assessing human health risks due to exposure to metal (loid)s 
in soils, total concentrations are an essential part of this process and 
reflect worst-case scenarios (Peña-Fernández et al., 2014; Yang et al., 
2023). On the other hand, total concentrations of metal (loid)s do not 
correspond to their reactivity in soils because they distribute in several 
soil components of different geochemical stability (Botsou et al., 2022; 

Fig. 1. Location of the historical landfill of municipal solid and construction waste and sampling sites of landfill soils.  
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Chu et al., 2022; Osibote and Oputu, 2020). To understand the transfer 
of metal (loid)s from soil to humans, it is important to determine their 
bioaccessible fractions that reflect the actual solubility in human gastric 
juices (Billmann et al., 2023; Khan et al., 2023; Roy et al., 2024). To 
date, there are many bioaccessibility tests that mimic the release of 
metal (loid)s in the gastrointestinal tract (Li et al., 2016, 2020; Liang 
et al., 2022), but the most commonly used is the EPA method 1340 
(USEPA, 2021) with an acidified glycine solution, i.e., amino acid 
forming soluble complexes with metals (Dodd et al., 2023, 2024; Kele
pertzis and Argyraki, 2015; Kierulf et al., 2022; Kyene et al., 2023; 
Mendoza et al., 2017). The bioaccessibility of metal (loid)s is related to 
the physicochemical properties of soils (Billmann et al., 2023; Lu et al., 
2023), soil mineralogy (Claes et al., 2023; Drahota et al., 2018; Ettler 
et al., 2023; Helser et al., 2022) and distribution of metal (loid)s in 
different soil components (Chu et al., 2022). 

There are a number of studies on contamination of landfill soils with 
metal (loid)s but these investigations mostly considered their total soil 
concentrations and associated human health risks (Adelopo et al., 2018; 
Balali et al., 2023; de Souza et al., 2023; Du and Li, 2023; Karimian et al., 
2021; Obiri-Nyarko et al., 2021; Zhou et al., 2022), however, rarely 
addressed other geochemical properties, including bioaccessibility and 
fractionation, i.e., properties controlling the reactive proportions of 
metal (loid)s in the human body and soils (Ahmad et al., 2023; Gujre 
et al., 2021; Wu et al., 2022). Unlike these studies that used one or two 
methodological approaches to demonstrate contamination of landfill 
soils with metal (loid)s, this work used a multi-disciplinary approach to 
further elucidate metal (loid) sources by combining statistical methods 
and determination of stable lead isotopes as well as their environmental 
availability using in vitro bioaccessibility testing, geochemical frac
tionation and mineralogical characterisation. These results are the basis 
for a more accurate assessment of the human health risk from exposure 
to metal (loid)s in landfill soils than relying only on their total concen
trations. The geochemical results of this study are presented for the soils 
of a historical landfill used for disposal of municipal, construction waste 
and municipal solid waste incineration (MSWI) ashes, located in the 
heart of a residential zone in Bratislava city. These wastes were 

deposited in a natural depression and continuously covered with soil. 
The operation of the landfill ended in the mid-1980s. The unique nature 
of this area predisposes it to study the impact of deposited waste on 
soil/groundwater chemistry with an emphasis on trace metal (loid)s. 
The main driving goal of this study was to assess the human health risks 
associated with: (i) concentrations of metal (loid)s in soils from different 
depths, (ii) oral bioaccessibility and geochemical fractionation of metal 
(loid)s and (iii) mineralogy of selected soils. The results of this study 
acquire practical significance, especially in connection with the future 
transformation of the landfill into a residential and recreational zone. 

2. Materials and methods 

2.1. Description of the study area 

The investigated area is a former municipal solid waste (MSW) 
landfill, which operated from 1967 to 1986. Ashes from the municipal 
solid waste incineration (MSWI ash) and different construction/demo
lition wastes were also deposited in the landfill. It is not common 
practice to dispose of raw municipal solid waste with MSWI ashes, 
however, at the time of the establishment of the landfill (second half of 
the 1960s), no measures were taken to prevent this unprecedented 
practice. It is very likely that the MSWI ash disposed of in this landfill 
consists of bottom and fly ash. The area is located in the inner city of 
Bratislava, in the Vrakuňa district and is surrounded by residential zones 
(Fig. 1). The urban park is located in the southern part of the landfill and 
widely used by residents. The waste is covered by soil and soil-like 
material (collectively referred to as landfill soils) but in many places, 
waste is commonly visible, mainly unsorted municipal solid and con
struction waste, but also tyres. In some places, the landfill is densely 
overgrown with invasive vegetation. 

The landfill body is located in Quaternary fluvial sediments, which 
consist of sands and gravels. The gravels are rounded and dominated by 
quartzites, limestone and crystalline rocks. Irregular layers of fine- 
grained sands with a thickness of 1–3 m, rarely 5 m, are overlying the 
gravels. The uppermost layer consists of anthropogenic sediments, i.e., 

Fig. 2. Lithostratigraphic cross-sectional view in the NW–SE direction of sampling boreholes with the description of core soil samples and marked groundwater level.  
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covering soils and wastes of different composition with a thickness of 
1–5 m. The area has a warm and dry climate with a mild winter 
(Anonymous, 2002). The mean annual temperature is 10.3 ◦C, with the 
highest and lowest mean temperature in July (23 ◦C) and January 
(− 2 ◦C), respectively. The mean annual precipitation is 600 mm for the 
years 2002–2018. 

2.2. Soil sampling and determination of metal (loid)s and stable lead 
isotopes 

The results are presented for soils from 24 sampling sites as shown in 
Fig. 1. Surface soil samples (0–0.1 m) at each site were collected from an 
area of 1 m2 by taking 4–5 subsamples using a stainless steel auger 
(Eijkelkamp), and subsequently mixed to obtain one representative 
sample from each sampling site. Soil samples from greater depths were 
obtained by drilling using a UGB 50 type drilling rig. The boreholes were 
obtained by impact-rotary drilling with a diameter of 180 mm. From the 
drill cores, samples from the following four depth intervals were selected 
for chemical analysis: 0.5–1.5 m (zone of biological contact), 2.0–3.0 
and 4.0–5.0 m (unsaturated zone), and 6.0–7.0 m (saturated zone). At 
four sampling sites where permanent wells for groundwater sampling 
were built (B1, B6, B13 and B16 in Fig. 1), drilling was carried out up to 
the groundwater aquitard, and the samples were taken from depth in
tervals of 13–14 m and 15–16 m. In total, 20 out of 24 sampling sites had 
5 soils and 4 out of 24 sites had 7 soils, which gives a total of 128 
analysed soil samples. Each soil was thoroughly mixed, then air-dried at 
room temperature, disintegrated and passed through a 2 mm sieve. 

Metal (loid) concentrations were determined by inductively coupled 
plasma-mass spectroscopy (ICP-MS) or atomic emission spectroscopy 
(ICP-AES) after acid digestion of pulverised soil samples in aqua regia. 
The accuracy and precision of the analytical determination were verified 
using a certified reference material ERM-CC141 (loam soil). The mean 
recovery rate was 96.0% for As, 108% for Co, 91.6% for Cr, 103% for Cu, 
96.4% for Mn, 90.4% for Ni, 100% for Pb and 92.6% for Zn. Chemical 
analyses were carried out in accredited laboratories of ALS Slovakia 
(ALS SK, Ltd. – member of the ALS Limited group). 

Lead isotopes (206Pb, 207Pb, and 208Pb) were determined with 
quadrupole-based ICP-MS (X Series 2, Thermo Scientific) as outlined in 
the study by Mihaljevič et al. (2011). Briefly, 0.2 g of soil was digested in 
a mixture of 10 mL of concentrated HF and 0.5 mL HClO4 in a Pt dish, 
then evaporated to dryness, and the procedure was repeated with 5 mL 
HF and 0.5 mL HClO4. The residue was dissolved in 2 mL HNO3 and 
diluted to a volume of 100 mL. To minimise the matrix effect in the 
determination of Pb isotopes, solutions were purified using the anion 
exchange resin AG1X8 (details in Ettler et al., 2004). Mass bias was 
corrected using NIST 981 (common lead) between measurements of 
individual samples. The accuracy was determined based on analyses of 
the BCR-2 certified reference material and was within 0.5% RSD (rela
tive standard deviation). 

2.3. Geochemical fractionation and bioaccessibility of metal (loid)s 

Geochemical fractionation and bioaccessibility of metal (loid)s were 
tested with eight contrasting landfill topsoils (B1, B4, B6, B10, B13a 

Fig. 3. a) Aqua regia concentrations of metal (loid)s in soils of the historical landfill in Bratislava city. Outliers are shown with small white circles and bold numbers 
below the lower whisker are local background concentrations; b) Metal (loid) concentrations in individual sampling depths of 24 boreholes and their statistical 
comparisons (Kruskal-Wallis test with Dunn’s correction). Different lowercase letters below the boxes indicate a significant difference (p < 0.05) among the indi
vidual depths for each metal (loid) separately; c) Individual Igeo values. 
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Table 1 
Comparison of metal (loid) concentrations (all data in mg/kg) between landfill soils of this study and landfill soils from other countries.  

Reference Country Landfill 
age 
(years) a 

N b Size 
(mm) 

Analytical method As Cd Co Cr Cu Fe Mn Ni Pb Sb Sn V Zn 

This study Slovakia 45 122 <2 Aqua regia; 
microwave 

13.8 (8.48) 
±15.3 c 

1.67–122 

4.20 (2.06) 
±5.62 <
0.4–24.0 

7.19 
(6.62) 
±3.66 
1.30–26.8 

26.3 
(21.1) 
±21.1 
2.81–139 

227 (29.5) 
±497 
1.40–2620 

22630 (18500) 
±17720 
2470–97200 

428 (353) 
±326 
99.6–2200 

23.5 (17.9) 
±21.9 
3.50–135 

149 (27.4) 
±355 
2.30–2420 

11.8 (2.62 
± 23.2 
<0.5–134 

72.8 
(6.4) 
±163 
<1–811 

24.7 
(19.7) 
±25.1 
2.83–224 

531 (88.9) 
±1161 
5.50–6220 

Adamcová 
et al. (2016) 

Czech 
Republic 

20 8 <0.2 Aqua regia; 
microwave  

0.13 ± 0.05 6.80 ±
3.17 

86.5 ±
42.7 

43.0 ± 9.60  629 ± 52.5 50.8 ±
36.3 

5.32 ± 1.73    33.8 ± 5.01 

Adelopo et al. 
(2018) 

Lagos 9 12 <6.3 Aqua regia; 
microwave 

2.81 ± 0.02 4.48 ± 1.10 53.3 ±
30.2 

26.2 ±
6.35 

539 ± 344 11910 ± 609 363 ± 67.0 11.6 ±
3.05 

254 ± 46.3    4317 ±
1594 

Akoto et al. 
(2016) 

Ghana NA 20 <2 Aqua regia; 
microwave   

34.4 ±
99.9 
3.90–395 

122 ±
41.4 
63.3–199 

91.4 ± 18.3 
50.3–108 

12590 ± 3923 
35–16105   

1883 ±
1776 
90.0–4846    

482 ± 285 
91.5–915 

Alghamdi 
et al. (2021) 

Saudi 
Arabia 

Active 44 NA Aqua regia; 
microwave 

1.22 (0.00) 0.10 (0.06) 9.30 
(9.50) 

16.2 
(15.4) 

20.4 (19.7) 6383 (6522) 165 (164) 16.8 (16.2) 4.52 (4.30)    69.1 (64.5) 

Barbieri et al. 
(2014) 

Italy Active 13 <2 HNO3–HF–H2O2 11.9 (11.4) 
±5.6 

0.08 (0.04) 
±0.15  

16.8 
(17.6) 
±9.90 

6.3 (3.2) 
±7.7 

5541 (6100) 
±3009  

10.3 (8.0) 
±7.3 

53.6 (6.4) 
±143 

0.48 (0.43) 
±0.42  

29.0 
(23.3) 
±20.5 

25.6 (16.5) 
±28.5 

Critto et al. 
(2003) 

Italy NA 36 NA NA 16 ± 14 
7–88   

10.7 ± 18 
5–115 

32 ± 76 
5–470   

17 ± 12 
5–85 

220 ± 1100 
10–6900    

1000 ±
5500 
25–33000 

de Souza et al. 
(2023) 

Brazil 23 20 <0.42 H2SO4–HCl     1.78 (1.80) 
±0.551–3 

44.9 (41.3) 
±22.29.20–93.6 

545 (518) 
±170294–944      

21.9 (20.0) 
±8.30 
12.2–48.1 

Du and Li 
(2023) 

China 6 376 <0.15 HCl–HNO3–HF–HClO4 355 ± 815 
0.98–20639 

238 ± 380 
0.001–2062   

2085 ± 910 
3.61–49937   

392 ± 293 
5.92–2513 

534 ± 635 
3.70–23084 

93.7 ±
86.2 
0.06–4062   

3614 ±
2062 
15.8–88009 

Gworek et al. 
(2016) 

Poland- 30 6 <1 Aqua regia; 
microwave  

0.33  9.90 5.70   9.20 31.7    32.3 

Hölzle (2019) Germany landfills 
of 
different 
age 

301 <4 Aqua regia; 
microwave 

8; max: 22 0.9; max: 
5.0  

29; max: 
87 

62; max: 
828   

29; max: 
110 

130; max: 
890    

350; max: 
2800 

Hussein et al. 
(2021) 

Malaysia landfills 
of 
different 
age 

NA <2 Aqua regia; 
microwave 

3.88–163 0.10–1.88  8.38–347 0.40–61.6 16942–58123 10.7–693 0.58–15.6 5.73–172    12.3–96.7 

Ihedioha et al. 
(2017) 

Nigeria Active 240 <2 HNO3–HClO4–HF; 
hot-plate  

12.2  4.05  1804 91.2 11.8 8.70    146 

Karimian 
et al. (2021) 

Iran Active  <0.15 HNO3–HClO4–HCl 3.9–10.9  10.7–18.0 62.1–128 41.9–179 30542–46364 799–1254 21.4–42.9 18.5–112    59.1–275 

Obiri-Nyarko 
et al. (2021) 

Ghana 2 17 <2 HNO3–HF 196–391    31.5–79.9    14.1–352    145–1876 

Osibote and 
Oputu 
(2020) 

South 
Africa 

landfills 
of 
different 
age 

41 <0.25 BCR SEP; aqua regia 0.07–0.23 6.99–10.3  53.6–98.4 22.1–43.4   19.0–24.6 0.09–0.12 24.1–44.6   95.6–197 

(continued on next page) 
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(weathered MSWI ash), B16, B18, B24) of size fraction <250 μm and 
carried out in duplicate. Prior to testing, aqua regia metal (loid) con
centrations were also measured in <250 μm soil size using the same 
analytical protocol as for the <2000 μm soil particle size. 

To determine the solid-phase speciation of metal (loid)s, a modified 
BCR (Community Bureau of Reference) sequential extraction procedure 
was applied, which fractionates chemical elements into four fractions 
(Rauret et al., 1999): EX1 (exchangeable/carbonate), RED2 (reducible; 
Fe–Mn oxides), OX3 (oxidisable; organic matter) and RES4 (residual). 
Firstly, 1 g soil was extracted with 40 mL of 0.11 M acetic acid solution 
by shaking in an end-over-end shaker (30 ± 5 rpm) for 16 h at 22 ± 2 ◦C. 
The extract was separated by centrifugation (3000 g for 20 min), 
collected in PE bottles and stored at 4 ◦C until analysis. The residue was 
washed by shaking for 15 min with 20 mL of deionised water and then 
centrifuged. In the second step, the soil was extracted with 40 mL of 0.5 
M hydroxylammonium chloride solution and further processed as in the 
first step. Third step was as follows: the soil residue was mixed with 10 
mL of 8.8 M hydrogen peroxide solution and sequentially extracted for 1 
h at 22 ± 2 ◦C and for 1 h at 85 ± 2 ◦C, and then the volume was reduced 
to <2 mL. A second aliquot of 10 mL H2O2 was added, extracted again 
for 1 h at 85 ± 2 ◦C, and reduced to ~1 mL. The residue was extracted 
with 50 mL of 1 M ammonium acetate solution at pH 2.0 under the same 
conditions as in the first two steps. The separated and washed residue 
from the third step was digested with aqua regia according to ISO 
54321:2020 (ISO, 2020). It should be noted that BCR sequential 
extraction is not the most suitable for metalloids, As and Sb, but it was 
used in order to compare their fractionation to the investigated metals. 

The EPA method 1340 (USEPA, 2021) used to determine the gastric 
bioaccessibility of metal (loid)s included a 1 h extraction of soil samples 
in HDPE tubes with a 0.4 M glycine solution with pH = 1.5 ± 0.1 at a 
soil:solution ratio of 1:100 (w/v) and a temperature of 37 ± 2 ◦C. Ex
tracts were then filtered through a 0.45 μm membrane filter, diluted and 
analysed for bioaccessible metal (loid) concentrations using ICP-MS. The 
accuracy of the analytical determinations in extracts was controlled by 
analyses of the standard reference material NIST SRM 1640a (Trace 
elements in natural water). The recovery of the target metal (loid)s was 
within 92–99%. 

2.4. Mineralogy 

Samples from four sampling sites (B6, B13a (weathered MSWI ash), 
B13b (soil with high proportion of MSWI ash), B10, B16) were selected 
for the mineralogical study. The main minerals were detected by X-ray 
diffraction (XRD; Philips PW 1710 diffractometer, graphite mono
chromator, Cu Kα radiation, 40 kV, 20 mA, 2θ range 4–80◦, 0.02◦ step, 1 
s/step). The diffraction data were interpreted based on the Rietveld 
refinement using the X’pert Highscore Plus 2.0.1 software. 

The chemical composition of selected grains was measured by elec
tron microprobe analyser (EMP; Cameca SX100) equipped with 
wavelength-dispersive X-ray (WDS) detector. The details of the 
measuring conditions, standards, X-ray lines and detection limits are 
listed in Table S1. Moreover, scanning electron microscopy (TESCAN 
VEGA3XMU, Czech Republic) equipped with a Bruker QUANTAX200 
energy dispersive X-ray spectrometer (EDS) was used for imaging and 
semi-quantitative chemical analyses of calcite grains. 

Raman spectroscopy (Thermo Scientific DXR3xi Raman Imaging 
Microscope) was used for mineral identification of selected grains. 
Photographs of micro- and macro-particles were obtained with a Leica 
DVM6 digital microscope. 

2.5. Data analysis and human health risk assessment 

Descriptive statistical parameters of metal (loid) concentrations, 
including arithmetic mean, standard deviation (SD), median, 25% and 
75% percentiles, range and coefficient of variation (CV), were calculated 
and outliers were identified. Due to compositional nature of Ta
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geochemical data, a correlation coefficient based on log-ratio trans
formations was used to evaluate the relationships between pairs of metal 
(loid)s (Kynčlová et al., 2017; Reimann et al., 2017). Principal compo
nent analysis after centred log-ratio (clr) transformation of the concen
tration data (clr-PCA) was carried out to reduce the number of variables, 
and to identify sources and similarities of metal (loid)s in soils. The R 
software and GraphPad Prism, version 8.0.1 were used for data 
processing. 

The degree of soil contamination was estimated through the geo
accumulation index (Igeo) using the equation:  

Igeo = log2(Cn/1.5 × Bn)                                                                       

where the factor 1.5 expresses the variation of background values due to 
lithogenic effects, Cn is the measured concentration of metal (loid) in soil 
and Bn is the background concentration of the same metal (loid). Ac
cording to Igeo, the degree of soil contamination is classified into seven 
classes (Müller, 1979): Igeo ≤0 = uncontaminated, 0 < Igeo ≤1 = un
contaminated to moderately contaminated, 1 < Igeo ≤2 = moderately 
contaminated, 2 < Igeo ≤3 = moderately to heavily contaminated, 3 <
Igeo ≤4 = heavily contaminated, 4 < Igeo ≤5 = heavily to extremely 
contaminated and Igeo >5 = extremely contaminated. The mean aqua 
regia metal (loid) concentrations from ten local soils collected in rela
tively undisturbed areas of Bratislava city were considered as back
ground values for the calculation of Igeo values. The background 
concentrations (in mg/kg) were: 6.15 (As), 0.22 (Cd), 6.49 (Co), 19.9 
(Cr), 16.6 (Cu), 15890 (Fe), 340 (Mn), 19.9 (Ni), 16.8 (Pb), 0.68 (Sb), 
2.71 (Sn), 19.1 (V) and 58.8 (Zn). To infer the natural source of Pb, the 
same soils were also analysed for Pb isotopic ratios. 

The exposure scenario considered the recreational activities of chil
dren/adults after the complete reclamation of the landfill who are 
exposed to metal (loid)s through three exposure routes: (i) soil ingestion, 
(ii) dermal contact and (iii) dust inhalation. A possible worst-case sce
nario considered was that the person was in contact with shallowly 
buried soil-waste layers that would be exposed after landscaping and 
levelling. The values of the 95% upper confidence limit of the mean 
calculated by the ProUCL software (USEPA, 2022) were taken as point 
exposure concentrations of metal (loid)s. For soil ingestion, 
non-carcinogenic and carcinogenic risks were calculated for two sce
narios: (i) the relative metal (loid) bioavailability (RBA) was 100%, and 
(ii) RBA corresponded to the mean value of the gastric bioaccessibility of 
the respective metal (loid). Chronic daily intakes (CDI) and lifetime 
average daily doses (LADD) of metal (loid)s for non-carcinogenic and 

carcinogenic risk assessment, respectively, were calculated using the 
Chemical Risk Calculator (RAIS, 2023). The equations are given in 
Supplementary text S1 and the values of the input exposure parameters 
are in Table S2. 

Non-carcinogenic risk was quantified using the hazard quotient (HQ, 
dimensionless) for individual exposure routes as follows: 

HQingestion =CDIingestion
/
RfDo (1)  

HQinhalation =CDIinhalation/RfC (2)  

HQdermal contact =CDIdermal contact/RfDd (3)  

where RfDo (mg/kg.d), RfC (mg/m3) and RfDd (mg/kg.d) are the oral 
reference dose, reference inhalation concentration and the dermal 
reference dose, respectively. The HQ values for each determined metal 
(loid) were summed to obtain the total risk, quantified using the hazard 
index of the individual metal (loid) (HIi): 

HIi =HQingestion + HQinhalation + HQdermal contact (4) 

The hazard index of each metal (loid) can be further summed, which 
then expresses the total (cumulative) risk of all determined metal (loid)s 
(HItotal): 

HItotal =
∑

HIi (5)  

When HQ or HI < 1.0, no non-carcinogenic health effects exist, while HQ 
or HI > 1.0 indicates the existence of non-carcinogenic risk. 

Carcinogenic risk was quantified using the cancer risk (CR, dimen
sionless) as follows: 

CRingestion = LADDingestion × OSF (6)  

CRinhalation = LADDinhalation × IUR (7)  

CRdermal contact = LADDdermal contact × DSF (8)  

where OSF (1/(mg/kg.d)), IUR (1/(mg/m3)) and DSF (1/(mg/kg.d)) are 
the oral slope factor, inhalation unit risk and dermal slope factor, 
respectively. The cancer risk of each metal (loid) (CRi) was calculated as 
the sum of the CR values for all three exposure routes: 

CRi =CRingestion + CRinhalation + CRdermal contact (9) 

Combined cancer risk of all carcinogenic metal (loid)s (CRtotal) was 

Fig. 4. a) Heat-map of the correlation coefficients based on symmetric balances together with the results of the cluster analysis and b) rotated biplot of the first two 
principal components according to the clr-PCA results. Groups 1, 2, 3, 4, 5 and 6 in Figure b) include soils from depth intervals of 0–0.1, 0.5–1.5, 2–3, 4–5, 6–7 and 
≥13 m, respectively. 
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then calculated as follows: 

CRtotal =
∑

CRi (10) 

Carcinogenic metal (loid)s via soil ingestion and dermal contact are 
As and Pb, while the IUR is also defined for Cd, Co and Ni. The physical 
meaning of CR is that the CR value of 10–n indicates the carcinogenic risk 
of one additional person out of a group of 10n persons. An unacceptable 
carcinogenic risk is when CR > 10− 4, CR values between 10− 4–10− 6 are 
in an acceptable risk, while CR values < 10− 6 indicate no significant 
carcinogenic risk. Chemical toxicity values for the metal (loid)s are lis
ted in Table S3. 

3. Results and discussion 

3.1. Metal (loid)s in soils and source apportionment 

Selected geological section with NW-SE orientation and lithostrati
graphic profiles of sampling sites B2, B3, B4, B7, B9, B10, B11 and B13 
are shown in Fig. 2. It is clear from Fig. 2 and visual inspection of the 
drilled cores (Fig. S1) that waste is buried in different depths, mostly 0.5 
up to 5 m below the ground surface. The waste layers represented soil- 
like material, although waste residues were still distinguishable in these 
layers. The soils on the surface were mixed with municipal and con
struction waste as well as incineration waste products, i.e., MSWI ash 
(Fig. S2). 

Fig. 5. a) Lead isotopic composition of landfill soils (grey circles). The European Standard Lead Pollution line (ESLP) was calculated according to the equation 
derived in the study by Haack et al. (2003). Data on EU aerosols, brown coals and background soils were taken from Hamelin et al. (1997), Hansmann and Köppel, 
2000, Mihaljevič et al. (2009) and Hiller et al. (2021), respectively; b) Curves calculated according to the equation presented in the study of Tyszka et al. (2016) 
representing a simple two-component mixing model and taking the most likely sources of Pb into landfill soils, such as natural Pb source and anthropogenic sources: 
MSWI ash, leaded gasoline, and Czech brown coals. The symbols on the modelled curves indicate 1% steps (first 10 symbols) and 10% steps (remaining 10 symbols). 
For natural Pb – leaded petrol mixing line, only the first eight 1% increments are shown. Labeled samples (B6, B10, B13a, b and B16 were subjected to mineralogy. 
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Aqua regia concentrations of several metal (loid)s (i.e., As, Cd, Cu, 
Pb, Sb, Sn and Zn) in landfill soils, regardless of sampling depth and site, 
exhibited considerable variation with CV values > 200% in many cases 
(Fig. 3a; Table S4). For example, Cu, Pb, Sb, Sn and Zn concentrations (in 
mg/kg) varied up to three orders of magnitude, between 1.40 and 2620, 
2.30–2420, <0.50–134, <1.0–811 and 5.50–6220, respectively. The 
concentrations of other metals (Co, Cr, Fe, Mn, Ni and V) fluctuated less 
compared to those mentioned above (Fig. 3a). 

The highest metal (loid) concentrations contained soil–waste layers 
with a median of 13.7 (As), 2.34 (Cd), 8.18 (Co), 32.0 (Cr), 248 (Cu), 
28250 (Fe), 503 (Mn), 28.7 (Ni), 181 (Pb), 9.97 (Sb), 50.5 (Sn), 27.1 (V) 
and 493 (Zn) mg/kg, while Cd, Cu, Pb, Sb, Sn and Zn exceeded many 
times the background values (Fig. 3a). Considering each metal (loid) in 
individual sampling depths, the lowest concentrations exhibited 
commonly aquitard sediments (≥13 m) and soils of the saturated zone in 
a depth of 6–7 m; however, compared to other depths, the concentration 
differences were not significant for all metal (loid)s (Fig. 3b). On the 
contrary and as mentioned above, the highest metal (loid) concentra
tions contained shallower soils (mainly in depth intervals 0.5–1.5 and 
2–3 m) with a clear presence of wastes. The variability of metal (loid) 
concentration could be attributed to the uneven distribution of waste in 
the landfill, which leads to different mass ratios of soil to deposited 
waste, different types of deposited waste and proportions of several 
types of waste at individual sampling points. Uneven spatial and vertical 
distribution of metal (loid) concentrations is typical for landfill soils 
(Wang et al., 2022; Wu et al., 2022). 

A comparison of the studied landfill with others from different 
countries of the world (Table 1) showed that the detected metal (loid) 
concentrations were within the entire range of those in the soils of the 
compared landfills, however, the variability of metalloid concentrations 
remains extensive (Hölzle, 2019; Hölzle et al., 2022; Wang et al., 2022). 
These concentration differences among the landfills relate primarily to 

the type of waste, its composition, age of waste accumulation and local 
geology (Hölzle et al., 2022). Mean concentrations of some metal (loid)s, 
e.g., As, Cd, Cu, Pb or Zn, with a few exceptions, were rather at the upper 
end of most compared landfills (Table 1), which could be due to the 
presence of MSWI ashes that accumulate high concentrations of re
fractory metal (loid)s (Luo et al., 2019). Du and Li (2023) published 
unusually high concentrations of metal (loid)s in the soils of the landfill 
near Baoding city (China) compared to other landfills, which could be 
related to the fact that the landfill was also used for disposal of wastes 
from heavy industry. 

Based on the calculated Igeo values (Fig. 3c), the investigated thirteen 
metal (loid)s were divided into two main associations: the first associ
ation included Co, Cr, Fe, Mn, Ni and V, and the second association 
consisted of Cd, Cu, Pb, Sb, Sn and Zn. Arsenic had a separate position. 
The first metal association exhibited the uncontaminated category in 
most soils, while only a small number of soil samples could be classified 
as the moderately contaminated category (1 < Igeo ≤2). Manganese, Ni, 
V and Cr only in two and one soils reached moderately to heavily 
contaminated category, respectively. On the other hand, the second, 
metal (loid) association fell into all contamination categories defined by 
Igeo values. For Cu and Sn, more than 10% of all soils belonged to the 
extremely contaminated category (Igeo >5), while the highest Igeo values 
had Sn in three soils (Igeo ≈ 7–8). It is interesting to note that Sn is rarely 
determined in landfill soils, which contradicts its widespread use in the 
production of tin-plated food and beverage cans, containers, electrical 
equipment, and construction and glass materials (Kabata-Pendias and 
Mukherjee, 2007). The low contamination category of the first associ
ation (Co, Cr, Fe, Mn, Ni, V) documents the similarity of their concen
trations to, or the fact that they are lower than the respective 
background concentrations. This finding is consistent with Hölzle et al. 
(2022) who reviewed the concentrations of selected metal (loid)s in 
soil-like material from 59 landfills of municipal solid and construction 

Fig. 6. Fractionation of metal (loid)s in landfill soils according to BCR sequential extraction procedure. Samples marked with asterisk (B6* and B13a*) and boxed 
represent the geochemical fractionation of metal (loid)s after bioaccessibility testing. Cadmium is not shown because the extracted Cd concentrations were below the 
detection limit after bioaccessibility testing. 
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waste and found that Cr and Ni had mostly lower concentrations 
compared to the abundance in the Earth’s crust, but As, Cd, Cu, Pb and 
Zn concentrations in the soil material exceeded those in the Earth’s 
crust. 

The statistical methods used in this study provided comparable re
sults (Fig. 4) and were in accordance with the grouping of metal (loid)s 
according to Igeo values. In general, there were positive correlations 
between pairs of the metal group Co/Cr/Fe/Mn/Ni/V and between pairs 
from the group of Cd/Cu/Pb/Sb/Sn/Zn (yellow-green mosaics in 
Fig. 4a), but the former negatively correlated with the latter (blue col
ouring in Fig. 4a). The heatmap linked to the dendrogram indicated that 
the metal (loid)s clustered into the two groups, which was further 
confirmed by clr-PCA. Approximately 79% of the total variation was 
captured by the first two components (PC1 = 71.6% and PC2 = 7.09%) 
(Fig. 4b), and the biplot showed two main associations. The first asso
ciation showed positive loading PC1 and consisted of Cd, Cu, Pb, Sb, Sn 
and Zn. The second association represented metals towards the negative 
PC1 with Co, Cr, Fe, Mn, Ni and V. Arsenic was more correlated with PC2 
as shown by high negative loadings value on PC2 (Table S5), suggesting 
no relationship with other metal (loid)s. The first association could 
reflect not only common occurrence of Cd, Cu, Pb, Sb, Sn and Zn in 
unsorted solid wastes (Hölzle, 2019,2022) but also the fact that these 

metal (loid)s are typical industrial and traffic contaminants of urban 
areas (Binner et al., 2023). The second association reflected likely nat
ural sources as frequently observed in other urban areas (Binner et al., 
2023), including Bratislava city (Hiller et al., 2017; 2021, 2022). 
However, it was noted that these metals also showed increased con
centrations but with much lower frequency, CV and Igeo values (Fig. 3; 
Table S4). In addition, samples less affected by buried waste (i.e., groups 
5 and 6 in Fig. 4b) were mostly projected in the lower left quadrant of 
the biplot, while shallower soils, more affected by waste, were scattered 
in the remaining quadrants of the biplot depending on the concentration 
of the particular metal (loid). 

3.2. Stable lead isotopes 

Topsoil samples were characterised for Pb isotopic composition to 
further trace the source reservoirs of Pb in a highly altered urban area. 
The stable Pb isotopic ratios in topsoil varied between 1.1679 and 
1.2074 for 206Pb/207Pb and 2.0573–2.1111 for 208Pb/206Pb (Fig. 5a), 
and plotted along the European Standard Lead Pollution (ESLP) line 
(Haack et al., 2003). This ESLP line approximates a two-component 
mixing of radiogenic (higher 206Pb/207Pb ratios typical for natural Pb) 
and non-radiogenic end members (lower 206Pb/207Pb ratios typical for 

Fig. 7. Back-scattered electron (BSE) micrographs of selected landfill soils (size fraction <250 μm). a) An aggregate of vesicular glasses (44–64 wt% SiO2, 12–18 wt% 
Al2O3, 0.3–16 wt% CaO, 3–16 wt% K2O) and calcite (Cal) cemented with a Ca-rich phase (sample B6), b) Fe (hydr)oxide (~72 wt% Fe) in soil B6, c) a mixture of 
abundant quartz (Qz), glass phases and calcite in MSWI ash–soil (B13b), d) Weathered MSWI ash (B13a) containing mainly glasses with vesicles, quartz (Qz), calcite 
(Cal), Fe (hydr)oxides and carbonaceous material (up to 1.9 wt% CuO, 3.3 wt% ZnO and 0.3 wt% PbO), e) and f) Dominant solid phases (quartz, calcite, Fe oxides 
and glasses) in soils B16 and B10, respectively. 
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anthropogenic sources) that are not always easily distinguishable from 
each other because they often have a similar range of Pb isotopic ratios 
(Haack et al., 2003). It can be inferred from Fig. 5a that Pb in the landfill 
topsoil was derived from natural background and anthropogenic sources 
but these are difficult to distinguish due to the overlap of their Pb iso
topic composition with that of the topsoil. However, it can be expected 
that the main anthropogenic source of Pb in these soils is deposited solid 
municipal and construction wastes, which release Pb through long-term 
weathering, and MSWI ashes containing high Pb concentrations and 
low, less radiogenic 206Pb/207Pb ratios. To help identify the different Pb 
sources, Pb isotopic compositions of the soils were plotted against the 

total Pb concentration and compared to its presumed sources (Fig. 5b). 
Lead isotopic profiles of landfill soils were best described by a curve 
representing two-component mixing of natural Pb and anthropogenic Pb 
in MSWI ash. The results coincided separately for soils with lower 
206Pb/207Pb ratios or high 206Pb/207Pb ratios, suggesting that Pb in these 
soils is the result of mixing of natural Pb and MSWI ash. This is also 
supported by the mineralogy of the soils (soils B6, B10, B13b, B16), 
which all contained mineral phases, e.g., Si–Al glasses and carbonaceous 
material like MSWI ash (B13a), despite the different Pb concentration 
(see section 3.3). On the other hand, several soils with higher 
206Pb/207Pb ratios and intermediate Pb concentrations did not fit the 

Table 2 
Electron microprobe (EMP) analyses of selected constituents in the soil samples (sample B6, B10, B13a, B13b, B16). The data are presented in wt%.   

Fe (hydr)oxides (n = 42) Glasses (n = 51) Ash (carbonaceous material) (n = 6) Calcite-rich cements (n = 10) Calcite (n = 15) 

SiO2 4.85 (4.30) 38.4 (10.3) 1.11 (1.54) 4.82 (6.91) BDL 
Al2O3 3.01 (2.44) 17.4 (7.98) 1.03 (1.33) 2.47 (1.99) 0.08 (0.13) 
FeO 67.6 (17.7) 7.89 (8.84) 0.45 (0.61) 5.42 (5.98) 0.06 (0.08) 
CaO 1.19 (1.68) 8.48 (8.14) 11.8 (10.2) 49.7 (17.8) 52.7 (7.34) 
MgO 0.37 (1.09) 2.78 (2.21) 0.87 (0.47) 0.80 (0.72) 0.31 (0.22) 
K2O 0.23 (0.26) 2.85 (2.87) 0.20 (0.11) 0.20 (0.29) 0.04 (0.05) 
MnO 0.25 (0.45) 0.13 (0.19) 0.04 (0.06) 0.58 (0.69) 0.03 (0.04) 
As2O5 0.05 (0.46) 0.14 (0.25) BDL a BDL 0.08 (0.04) 
CdO 0.01 (0.01) 0.02 (0.01) BDL 0.07 (0.11) 0.09 (0.06) 
CoO 0.06 (0.07) 0.02 (0.02) BDL 0.02 (0.01) 0.04 (0.02) 
Cr2O3 0.02 (0.34) 0.04 (0.07) 0.04 (0.05) 0.02 (0.01) BDL 
CuO 0.09 (0.15) 0.07 (0.13) 0.67 (0.74) 0.04 (0.03) 0.35 (0.20) 
NiO 0.01 (0.02) 0.02 (0.02) 0.02 (0.01) 0.01 (0.01) 0.11 (0.09) 
PbO 0.20 (0.35) 0.68 (3.42) 0.21 (0.09) 0.40 (0.41) 0.47 (0.23) 
Sb2O3 0.03 0.45 (1.20) 0.02 (0.02) 0.07 (0.05) 0.04 (0.01) 
SnO2 0.05 (0.56) 0.03 (0.03) 0.03 (0.02) 0.24 (0.43) 0.17 (0.11) 
ZnO 0.84 (0.89) 0.45 (1.20) 1.20 (1.27) 2.14 (2.44) 1.63 (0.45) 
P2O5 0.40 (0.46) 0.78 (1.34) 0.43 (0.72) 0.80 (0.75) 0.08 (0.05) 
SO3 0.31 (1.29) 0.18 (0.20) 0.53 (0.41) 0.73 (0.71) 0.35 (0.37)  

a BDL = below the detection limit of EMP instrument. 

Table 3 
Gastric bioaccessible fractions (% of aqua regia concentration) and concentrations (mg/kg) of metal (loid)s in landfill soils (particle size <250 μm) at an old landfill in 
Bratislava city (Slovakia). Arithmetic mean ± standard deviation (n = 2). Initial soil pH, organic carbon content (OC; wt%) and calcite abundance (wt%) are also 
shown.   

B1 B4 B6 B10 B13a B16 B18 B24 

pH 7.01 ± 0.06 7.39 ± 0.02 7.47 ± 0.03 7.44 ± 0.03 8.37 ± 0.08 7.08 ± 0.00 7.18 ± 0.06 7.09 ± 0.01 
OC 4.27 ± 1.01 2.55 ± 0.30 2.26 ± 0.20 7.27 ± 0.10 4.31 ± 0.21 2.16 ± 0.13 3.56 ± 0.37 2.59 ± 0.08 
Calcite – – 7 2 11 3 – – 
Bioaccessible fractions (%) 
As 34.7 ± 0.89 34.8 ± 3.64 47.5 ± 2.25 41.7 ± 3.94 69.1 ± 0.73 29.8 ± 4.01 33.4 ± 5.67 22.8 ± 1.89 
Cd NA 73.2 ± 0.00 92.2 ± 6.87 77.9 ± 0.00 106 ± 5.34 76.9 ± 0.00 NA 87.0 ± 0.00 
Co 6.06 ± 0.57 6.24 ± 1.26 7.91 ± 0.00 8.68 ± 0.65 10.8 ± 1.51 6.57 ± 0.00 5.34 ± 0.84 5.76 ± 0.43 
Cr 1.77 ± 0.00 2.43 ± 0.26 2.53 ± 0.17 3.17 ± 0.00 13.0 ± 0.57 2.28 ± 0.36 1.82 ± 0.00 1.32 ± 0.00 
Cu 32.3 ± 0.26 32.7 ± 1.19 60.5 ± 8.38 27.9 ± 0.76 73.4 ± 2.17 31.1 ± 0.45 36.6 ± 1.16 32.3 ± 0.19 
Fe 1.60 ± 0.03 1.32 ± 0.05 1.32 ± 0.03 1.23 ± 0.15 2.09 ± 0.06 0.95 ± 0.02 1.27 ± 0.02 1.00 ± 0.02 
Mn 33.4 ± 0.86 36.5 ± 1.83 37.1 ± 1.59 38.0 ± 0.21 42.0 ± 1.34 37.6 ± 0.39 35.2 ± 0.63 29.2 ± 0.31 
Ni 11.9 ± 0.00 9.26 ± 4.36 8.51 ± 0.00 16.2 ± 0.00 31.8 ± 1.22 11.5 ± 0.00 9.57 ± 0.00 8.43 ± 0.00 
Pb 32.8 ± 0.00 46.5 ± 3.86 58.1 ± 2.22 45.5 ± 0.99 79.4 ± 1.95 36.7 ± 2.47 54.2 ± 14.1 47.6 ± 0.00 
Sb NA 13.7 ± 0.00 22.1 ± 0.00 18.3 ± 0.00 14.5 ± 0.06 NA NA 15.8 ± 7.44 
Sn NA 16.2 ± 1.09 19.8 ± 0.56 12.2 ± 1.67 24.9 ± 3.44 15.8 ± 0.00 18.8 ± 2.95 NA 
V 3.87 ± 0.36 5.17 ± 1.46 5.50 ± 0.65 6.18 ± 0.42 9.02 ± 0.38 3.65 ± 0.74 6.42 ± 0.00 3.49 ± 0.55 
Zn 16.6 ± 6.22 28.3 ± 1.43 54.3 ± 3.80 71.5 ± 0.00 80.4 ± 3.42 26.0 ± 0.40 34.3 ± 1.82 60.2 0.47 
Bioaccessible concentrations (mg/kg) 
As 2.75 ± 0.07 2.70 ± 0.28 7.45 ± 0.35 2.25 ± 0.21 13.4 ± 0.14 2.10 ± 0.28 2.50 ± 0.42 2.55 ± 0.21 
Cd NA 0.30 ± 0.00 0.95 ± 0.07 0.60 ± 0.00 18.3 ± 0.92 0.20 ± 0.00 NA 0.20 ± 0.00 
Co 0.38 ± 0.04 0.35 ± 0.07 0.70 ± 0.00 0.38 ± 0.03 1.11 ± 0.16 0.40 ± 0.00 0.45 ± 0.07 0.95 ± 0.08 
Cr 0.40 ± 0.00 0.65 ± 0.07 1.05 ± 0.07 1.00 ± 0.00 11.2 ± 0.49 0.45 ± 0.07 0.50 ± 0.00 0.40 ± 0.00 
Cu 8.65 ± 0.07 17.6 ± 0.64 51.6 ± 7.14 20.7 ± 0.57 728 ± 21.5 9.80 ± 0.14 11.2 ± 0.35 11.8 ± 0.07 
Fe 328 ± 6.15 241 ± 9.76 409 ± 7.99 228 ± 28.5 1783 ± 53.7 165 ± 2.62 253 ± 3.25 348 ± 5.73 
Mn 197 ± 5.09 149 ± 7.50 159 ± 6.79 234 ± 1.27 717 ± 22.8 170 ± 1.77 187 ± 3.32 192 ± 2.05 
Ni 2.00 ± 0.00 1.50 ± 0.00 2.00 ± 0.00 3.00 ± 0.00 18.5 ± 0.71 2.00 ± 0.00 2.00 ± 0.01 3.00 ± 0.00 
Pb 10.0 ± 0.00 25.5 ± 2.12 37.0 ± 1.41 32.5 ± 0.71 834 ± 20.5 10.5 ± 0.71 24.5 ± 6.36 14.0 ± 0.00 
Sb NA 0.30 ± 0.00 0.90 ± 0.00 0.30 ± 0.21 16.1 ± 0.07 NA NA 0.15 ± 0.07 
Sn NA 1.05 ± 0.07 7.55 ± 0.21 1.55 ± 0.21 82.0 ± 11.3 0.60 ± 0.00 0.45 ± 0.07 NA 
V 0.75 ± 0.07 0.75 ± 0.21 2.40 ± 0.28 1.05 ± 0.07 3.40 ± 0.14 0.70 ± 0.14 1.40 ± 0.00 1.80 ± 0.28 
Zn 10.4 ± 3.89 51.8 ± 2.62 172 ± 2.00 180 ± 0.00 3327 ± 141 18.2 ± 0.28 36.1 ± 1.91 162 ± 1.27  

a NA = not available because the extracted concentrations were below the particular detection limits. 
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mixing curve, so the Pb in these soils must come from sources with 
higher 206Pb/207Pb ratios and Pb concentrations than the local 
geochemical background of ~17 mg/kg. The most likely source of Pb to 
these soils is construction waste, which according to the literature 
contains highly variable, but generally higher concentrations of Pb 
(Balali et al., 2023; Butera et al., 2014; Chen and Zhou, 2020) than the 
local background. Unfortunately, to the best of our knowledge, data on 
the Pb isotopic composition of construction materials are not available. 
However, it is likely that some types of materials, such as bricks, con
crete, mortar and tiles, could have higher 206Pb/207Pb ratios because 
they contain minerals of natural origin. Common minerals in construc
tion waste materials that contain Pb are feldspars, phyllosilicates (illi
te/muscovite and chlorite) and calcite (Bianchini et al., 2005; Rodrigues 
et al., 2013). 

3.3. Geochemical fractionation and mineralogy 

Geochemical fractionation of metal (loid)s based on the BCR 
sequential extraction before bioaccessibility testing is shown in Fig. 6. 
The percentages of metal (loid)s (mean ± standard deviation) in the 
exchangeable/carbonate fraction (EC1) followed the order: Cd (63.4 ±
11.6%) ≫ Zn (27.0 ± 12.1%) > Pb(20.7 ± 7.79%) ≈ Cu(18.9 ± 7.86%) 
> Sn (11.5 ± 2.45%) ≈ Mn (11.1 ± 3.82%) ≈ As (9.48 ± 5.50%) ≈ Ni 
(9.30 ± 4.29%) > Co(4.82 ± 1.87%) > Cr (2.73 ± 0.47%) > V (1.62 ±
1.15%) ≈ Fe (1.51 ± 0.63%) ≈ Sb(1.06 ± 2.23%). More than one third 
of the aqua regia As, Mn, Pb and Sb concentrations was in the reducible 
fraction (RED2). The RED2 fraction was also a significant reservoir of 
other metals (>20%, excepting Cr and Sn). Generally, the contribution 
of oxidisable fraction (OX3) to the metal (loid) concentrations was 
lower, excepting Cu (27.8 ± 8.00%). Chromium, V, Sn, Fe, Co, Sb, Ni 
and As dominated in the residual fraction (RES4) with contributions of 
83.3 ± 6.31%, 65.8 ± 8.69%, 65.2 ± 9.73%, 64.4 ± 7.77%, 63.7 ±
10.2%, 63.6 ± 10.6%, 55.9 ± 7.48% and 49.3 ± 12.8%, respectively. 

Of the crystalline phases, quartz (SiO2; 9–60 wt%) and calcite 
(CaCO3; 2–11 wt%) were common and most abundant in all five char
acterised soils (Figs. S3 and S4). Other crystalline phases were also 
abundant but not in each soil. For example, hematite (Fe2O3) had a high 
proportion in MSWI ash–soil mixtures, B13a, b (up to 18 wt%), but it 
was not identified using XRD analysis in the other soils. Amorphous 
phases contributed a significant proportion to soils (27–63 wt%) and 
consisted of glasses, Fe (hydr)oxides and carbonaceous material (Fig. 7). 
Green and blue grains in soil–MSWI ash mixtures (Fig. S3) were iden
tified as malachite (Cu2CO3(OH)2)/brochantite (Cu4(SO4)(OH)6) and 
lazurite (Na7Ca(Al6Si6O24)(SO4)(S3) × H2O), respectively. Almost all 
grains subjected to EMP analyses contained several metal (loid)s 
(Table 2), which is particularly significant in relation to phases soluble 
in the acidic stomach environment, such as Ca-carbonates and amor
phous Fe (hydr)oxides, and thus to the degree of metal (loid) bio
accessibility (Smith et al., 2011). The main elements present in the 
glasses, i.e., Si, Al, Fe and Ca were in accordance with the literature 
(Bayuseno and Schmahl, 2010; Izquierdo et al., 2002; Wei et al., 2011). 
Trace metal (loid)s were randomly distributed within the respective 
component, with no preference for a particular phase, which may 
complicate the environmental and health risk predictions. For example, 
the mean concentration of Cu, Pb, Zn and As was 0.09 ± 0.15, 0.20 ±
0.35, 0.84 ± 0.89 and 0.05 ± 0.46 wt% in Fe (hydr)oxides, while the 
glass particles contained 0.07 ± 0.13, 0.68 ± 3.42, 0.45 ± 1.20 and 0.14 
± 0.25 wt%, respectively. Occasionally, metal-enriched grains were 
observed, e.g., Sn-rich grain (up to 34.5 wt% SnO), Zn (up to ~18 wt% 
ZnO) or Pb (19.1 wt% PbO). Calcites, either as individual grains or 
coatings, entrapped mostly Cu, Ni, Pb, Sn and Zn (Fig. 7, S5; Table 2), 
which was also reflected in their relatively high occurrence in the EC1 
fraction (see paragraph above). 

Fig. 8. Correlation of oral bioaccessibility (gastric phase) of metal (loid)s averaged over all 8 soils with the sum of exchangeable/carbonate (EC1) and reducible 
(RED2) fractions. Error bars represent standard deviation (n = 16). 
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Fig. 9. Contributions of exposure routes to the total non-carcinogenic (HItotal) and carcinogenic risk (CRtotal) estimated from aqua regia and bioaccessible concen
trations (rows a and b, respectively), and contributions of individual metal (loid)s to HItotal and CRtotal where row c = estimate from aqua regia concentrations and 
row d = estimate from bioaccessible concentrations. Chromium and tin do not appear because their contribution was less than 0.05%. Metal (loid) contributions 
higher than 10% are only shown in figures. 
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3.4. Bioaccessibility and its relationship to fractionation and mineralogy 

Significant differences in bioaccessibility were observed among the 
tested soils and metal (loid)s (Table 3). Bioaccessible concentrations of 
all metal (loid)s were positively correlated with their aqua regia con
centrations (p < 0.01) and bioaccessible fractions followed the order: Cd 
(85.6 ± 12.3%) > Pb(50.1 ± 14.4%) ≈ Zn (46.5 ± 23.4%) > Cu(40.8 ±
16.7%) ≈ As (39.2 ± 14.1%) > Mn (36.1 ± 3.67%) > Sn(17.9 ± 4.39%) 
≈ Sb(16.9 ± 3.39%) > Ni(13.4 ± 7.88%) > Co(7.17 ± 1.84%) > V (5.41 
± 1.85%) ≈ Cr (3.50 ± 3.85%) > Fe (1.30 ± 0.36%). This trend was 
consistent with decreasing metal (loid) percentages in EC1 and RED2 
fractions (Fig. 8). Generally, the highest bioaccessibility of metal (loid)s, 
except for Sb, exhibited the sample B13a from the MSWI ash outcrop 
(Table 3). Compared to other samples, the sample B13a was the most 
abundant in calcite (~11 wt%) and Fe (hydr)oxides (Fig. S3). These 
mineral phases are readily attacked by acidified glycine, thus releasing 
the incorporated/adsorbed metal (loid)s (Smith et al., 2008; Xie et al., 
2023; Xu and Fu, 2022). Furthermore, the percentages of metal (loid)s in 
EC1 and RED2 fractions of the sample B13a were highest among the 
soils. On the other hand, this sample was rich in Si-based glasses, con
taining non-negligible concentrations of metal (loid)s but due to their 
limited solubility (Mantovani et al., 2023), they were unlikely to 
contribute much to bioaccessible metal (loid)s. However, Ettler et al. 
(2019) demonstrated the etching of glasses with an acidic solution of 
glycine. The bioaccessibility of As, Mn, Ni, Pb, Sn and Zn correlated 
positively with the sum of EC1+RED2, and Cd with EC1 (Fig. S6). 
Correlations of metal (loid) bioaccessibility with their EC1 and RED2 
fractions were documented in several studies (Ai et al., 2019; Chu et al., 
2022; Ding et al., 2022; Li et al., 2022; Pelfrêne et al., 2011; Wu et al., 
2024) and explained by the fact that the orally bioaccessible metal (loid) 
s originated primarily from their acid-soluble and Fe-oxide-bound 
fractions in soil. To understand the fractionation changes of metal 
(loid)s during bioaccessibility testing, samples B6 and B13a were sub
jected to BCR sequential extraction after bioaccessibility test (Fig. 6). In 
terms of EC1, this fraction was largely depleted for almost all metal 
(loid)s, consistent with the finding that calcite almost completely dis
appeared after glycine extraction (Ettler et al., 2019). Although only a 
limited number of samples from those tested for bioaccessibility were 
mineralogically studied, the calcite content, as a chemically readily 
reactive mineral with an acidified glycine solution, had an effect on the 
bioaccessibility of Cd, Cu, Pb and Sn in the sense that samples with a 
higher calcite content (B6 and B13a) had a higher bioaccessibility of 
these four metals than soils B10 and B16 with a lower calcite content 
(Table 3). Several studies showed that the gastric bioaccessibility of 
trace metal (loid)s in urban soils positively depended on the CaCO3 
content, which is probably related to the easy mobilisation of carbonate 
bound metal (loid)s at low pH of the gastric environment (De Miguel 
et al., 2012; Hiller et al., 2022; Izquierdo et al., 2015). A significant 
decrease of several metal (loid)s, e.g., As, Cu, Fe, Mn, Pb, Sn and Zn, also 
occurred in the RED2 fraction, with the RES4 fraction contributing more 
to the total metal (loid) concentration, while the oxidisable fraction 
remained mostly unchanged (Fig. 6). Smith et al. (2008, 2011) showed 
on the basis of XANES measurements and sequential extractions that Fe 
(hydr)oxides were one of the sources of bioaccessible Pb and As during 
the gastric phase, respectively. 

3.5. Human health risk assessment 

When aqua regia metal (loid) concentrations were taken into ac
count, i.e., relative bioavailability (RBA) = 1, the value of HItotal for 
children reached 1.59, indicating the existence of a non-carcinogenic 
risk in the area (Fig. 9). However, after adjusting to bioaccessible frac
tions, the HItotal value was more than halved to 0.65. On the other hand, 
no non-carcinogenic risk was found for adults, even assuming RBA = 1. 
In any case, soil ingestion was primary contributor to HItotal (Fig. 9) and 
driven by the characteristic non-essential metal (loid)s, Pb, As, Cd and 

Sb. Iron, as essential but also toxic metal (Brewer, 2010), also consid
erably contributed to HItotal due to its high aqua regia concentrations in 
soils, however, because of very low Fe bioaccessibility (1.30 ± 0.36%), 
its contribution to the total non-carcinogenic risk was very small (lower 
than 0.5%) after correcting for bioaccessibility (Fig. 9). Dermal contact 
was a minor contributor to non-carcinogenic risks, while the inhalation 
was negligible, which agreed with previous studies (Antoniadis et al., 
2019; Obiri-Nyarko et al., 2021). Lead, the largest contributor to HItotal, 
is a neurotoxic and bio-accumulative metal that causes cognitive and 
neuro-behavioural impairments, especially in children (Dong et al., 
2020; Mielke et al., 2019; Pavilonis et al., 2022). With long-term 
exposure to soil Pb at concentrations of hundreds mg/kg, the blood 
lead levels can reach a threshold of 5.0 μg/dL (Bradham et al., 2017; Wu 
et al., 2020), above which the likelihood of cognitive and behavioural 
impairment in children increases (Kuraeiad and Kotepui, 2021; Maid
oumi et al., 2022). 

The total carcinogenic risk (CRtotal) based on the aqua regia con
centrations with a value of 1.45 × 10− 5 was in the acceptable range of 
10− 4–10− 6. Refinement of the carcinogenic risk using bioaccessible 
concentrations resulted in a significant decrease of CRtotal by 47% to a 
value of 6.47 × 10− 6, which was within the acceptable cancer risk. As in 
the case of non-carcinogenic risk, the carcinogenic risk was contributed 
almost exclusively by soil ingestion and the rest by dermal absorption 
(Fig. 9). Arsenic had the largest contribution to the total carcinogenic 
risk (up to 90%). This result is consistent with other studies (Du and Li, 
2023; Obiri-Nyarko et al., 2021) and relates to the fact that As is 
confirmed carcinogen to humans belonging to Group 1 according to 
International Agency for Research on Cancer (IARC, 2004). 

4. Conclusions 

This study showed that the concentrations of metal (loid)s in the soils 
of the historical landfill fluctuated considerably, both spatially and 
vertically. Aqua regia concentrations of Cd, Cu, Pb, Sb, Sn and Zn in 
landfill soils varied by up to three orders of magnitude. More than 10% 
of soils were categorised as heavily to extremely contaminated with Cd, 
Cu, Pb, Sb, Sn and Zn according to Igeo values, while metals such as Co, 
Cr, Fe, Mn, Ni and V in most soils showed moderate soil contamination. 
Gastric bioaccessibility varied among the soils and metal (loid)s, and in 
some cases, correlated with the first two steps of the BCR sequential 
extraction. While Cr, Co, Fe, Ni, Sb, Sn and V were mainly in the residual 
fraction, significant amounts of As, Cd, Cu, Pb and Zn were found in the 
available fraction. The weathered MSWI ash was found to be the most 
geochemically labile in an acidic environment, likely due to the alkaline 
nature and mineralogy dominated by amorphous Fe (hydr)oxides, 
calcite and other solid phases. Based on the results of multivariate sta
tistical methods, determination of the degree of contamination of 
landfill soils by individual metal (loid)s, comparison with local back
ground concentrations and interpretation of Pb isotope ratios 
(206Pb/207Pb and 208Pb/206Pb), it could be assumed that Cd, Cu, Pb, Sb, 
Sn and Zn had a predominant anthropogenic origin with significant 
contribution from MSWI ash as their source material. Other metals, 
especially Co, Cr, Fe, Mn, Ni and V were primarily of lithogenic origin 
with rarely elevated concentrations. In summary, these data docu
mented significant variability in the geochemical properties of landfill 
soils, even over a relatively small area. The landfill is being considered 
as a residential/recreational zone in the near future, but as the results 
document, remediation would be appropriate, regardless of the fact that 
human health risks from soil exposure after accounting for bio
accessibility were not demonstrated. 
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sition. Lenka Filová: Writing – review & editing, Visualization, 
Software, Formal analysis. Martin Mihaljevič: Writing – review & 
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Pelfrêne, A., Waterlot, C., Mazzuca, M., Nisse, C., Bidar, G., Douay, F., 2011. Assessing 
Cd, Pb, Zn human bioaccessibility in smelter-contaminated agricultural topsoils 
(northern France). Environ. Sci. Pollut. Res. 33, 477–493. https://doi.org/10.1007/ 
s10653-010-9365-z. 
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